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Abstract
The tidal ﬂat along the Changjiang (Yangtze) River estuary has long been reclaimed for the
agricultural purposes, with the prevailing hydrological conditions during such pedogenic transformations
being of great importance to their successful development. In this study, samples of surface sediment from
Chongming Dongtan, situated at the mouth of the Changjiang River estuary, were collected and analyzed
in order to understand how hydrological management can inﬂuence the concentrations of heavy metals
and salt ions in pore water, and chemical fractionation of heavy metals during the reclamation process. We
performed a series of experiments that simulated three diﬀerent hydrological regimes: permanent ﬂooding
(R1), alternative ﬁve-day periods of wetting and drying (R2), continuous ﬁeld capacity (R3). Our results
exhibited good Pearson correlations coeﬃcients between heavy metals and salt ions in the pore water for
both R1 and R2. In particular, the concentrations of salt ions in the pore water decreased in all three regimes,
but showed the biggest decline in R2. With this R2 experiment, the periodic concentration patterns in the
pore water varied for Fe and Mn, but not for Cr, Cu, Pb and Zn. Neither the fractionation of Ni nor the
residual fractions of any metals changed signiﬁcantly in any regime. In R1, the reducible fractions of heavy
metals (Cr, Cu, Zn and Pb) in the sediment decreased, while the acid extractable fractions increased. In R2,
the acid extractable and the reducible fractions of Cr, Cu, Zn and Pb both decreased, as did the oxidizable
fraction of Cu. These data suggest that an alternating hydrological regime can reduce both salinity and the
availability of heavy metals in sediments.
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1 INTRODUCTION
In coastal areas, it has been a long history since
tidal ﬂats are converted into agricultural land because
of their potential land resource (Healy and Hickey,
2002; Ellis and Atherton, 2003). China’s rapid
economic development and general shortage of arable
land have encouraged the eﬀective reclamation and
cultivation of tidal ﬂats, with a large area of presently
cultivated farmland having been converted from
former wetlands (Liu et al., 2005; Ma et al., 2015).
During such reclamation, the salinity of sediment is
usually reduced to meet the requirements of crop
growth. For example, the salt ion concentrations in
soils can be reduced by leaching with fresh water and
irrigating them with water discharged from urban
centers (Li et al., 2007; Norton-Brandão et al., 2013).

A soil’s moisture regime is thought to be one of the
most important factors that control its physicochemical
properties (e.g., pH and Eh), which indirectly aﬀect
its organic matter and CaCO3 content (Van Den Berg
and Loch, 2000). Moreover, a soil’s prevalent
hydrological regime inﬂuences its redox potential,
which is closely linked to the internal mobility of
metals. Consequently, hydrological management
often plays a crucial role in transforming tidal ﬂats
into farm land.
Pollution of alluvial sediments with heavy metals
has been documented in many parts of the world (Du

* Supported by the National Natural Science Foundation of China (Nos.
41271466, 41671461)
** Corresponding author: xjgao@fudan.edu.cn

1330

CHIN. J. OCEANOL. LIMNOL., 35(6), 2017

Laing et al., 2007; Li et al., 2007, 2016; Yap and Pang,
2011; Ong et al., 2013; Sheykhi and Moore, 2013),
and such contaminants released in estuarine water can
be subsequently transferred to coastal tidal ﬂats
(Williams et al., 1994). Certain tidal ﬂats or alluvial
plains along major river estuaries in China (e.g., the
Changjiang (Yangtze) River and the Huanghe
(Yellow) River) are severely contaminated with heavy
metals (Li et al., 2007, 2014, 2015; Ma et al., 2015),
which may pose a threat to soil quality if and when
they are converted to farmland. The hydrological
regime present during reclamation has a profound
inﬂuence on the behavior of heavy metals in sediment.
Some studies have shown that ﬂooding minimizes the
availability of Cu and Zn and enhances the
immobilization eﬀect of Cd (Speelmans et al., 2007;
Zhu et al., 2012). Observations made under alternate
moisture conditions, however, have shown that the
lability of Pb in soils decreases with increasing
incubation time, and that intermittent irrigation may
be a promising means of reducing As input to paddy
soils (Roberts et al., 2011; Khodaverdiloo et al.,
2012). Soon (1994) and Zheng and Zhang (2011)
demonstrated that heavy metals added to soil under
ﬁeld capacity conditions can be transferred over time
from more labile fractions to less labile fractions.
However, these studies have focused mainly on total
metal concentrations and transformations of heavy
metals in soils rather than on free metal contents in
pore water. Ignoring the ion changes, including those
of salt and metal ion concentrations in pore water,
may lead to underestimation or overestimation of
predicted bioavailability, which aﬀects any evaluation
of the ecological system. As such, in this work, we
have directly investigated salt and metal ion
concentrations in pore water during reclamation,
using samples collected from Chongming Dongtan at
the mouth of the Changjiang River estuary.
Chongming Island is the largest alluvial estuarine
island of the Changjiang River estuary, and half of its
present area has been obtained by reclamation of tidal
ﬂat land (Wu et al., 2005). With a long history of
reclamation, Chongming Dongtan formed three zones
of reclaimed land (the post-1998, 1990s, and 1960s
zones) in addition to intertidal ﬂats. Many studies
have explored the heavy metals in the soils of
Chongming and the sediments of Chongming
Dongtan, such as studies of the spatial pattern of
heavy metal accumulation on the intertidal ﬂats
(Zhang et al., 2001; Gorenc et al., 2004). Moreover,
several other studies (e.g., Zhang et al., 2001; Cui et
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al., 2012) have studied the history of changes of heavy
metals in the intertidal ﬂats. However, those studies
have not considered the importance of hydrological
regime management in the process of reclamation of
tidal ﬂats in Chongming. Additionally, few studies
have explored the concentrations of heavy metals and
salt ions in pore water or the chemical speciation of
metals under various moisture conditions of
sediments, especially in the Changjiang estuary. This
study, therefore, conducted a laboratory experiment
that simulated the process of reclamation of
Chongming Dongtan tidal ﬂats with three diﬀerent
moisture regimes. This study aimed to assess the
eﬀects of the diﬀerent hydrological regimes on the
process of converting the tidal ﬂats. The main
purposes of the study were (1) to delineate signiﬁcant
diﬀerences of sediment properties, (2) to reveal the
dynamic processes of heavy metal and salt ion
concentrations in pore water of the sediment, and (3)
to investigate the fractionation of heavy metals in the
sediments under the diﬀerent hydrological regimes.

2 MATERIAL AND METHOD
2.1 Collection and preparation of sediments
Sediments for a greenhouse experiment were
collected in August 2014 from the ﬂat intertidal zone
(31.46°N, 121.94°E) of Chongming Dongtan, which
is located at the mouth of the Changjiang River estuary.
Eight subsamples of surface sediments were randomly
collected from a zone approximately 20 m×20 m in
size. The uppermost 20 cm of sediments from each
subsample weighed approximately 6 kg. All samples
were returned for laboratory analysis in large
polyethylene bags and, upon arrival, were mixed
thoroughly in order to produce a homogenized,
composite sample. The sediments were then naturally
dried at room temperature and then passed through a
4-mm mesh sieve. Cylindrical plastic containers with
bottom diameters of 8 cm and heights of 19 cm were
then each ﬁlled with sediments to a height of 10 cm.
Before being decanted, the mixed sample was averaged
into several portions, and 200 g of dried sediment was
collected from each portion in order to check their
homogeneities. The containers were each drilled with
a drainage hole at their base that was 3 mm in diameter,
and which were covered by geotextiles in order to
minimize the loss of sediments from each vessel. All
containers were then stored under one of three diﬀerent
hydrological regimes in a greenhouse, which was kept
at about 20°C and received 16 h of light per day.
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2.2 Simulation experiment
hydrological regimes

with

diﬀerent

The above-described containers were each
subjected one of the following three hydrological
regimes for the duration of the experiments.
Regime 1 (R1): permanently ﬂooded. The sediment
in each container was ﬂooded by placing each
container in a larger box (50 cm×35 cm×25 cm) ﬁlled
with deionized water. The water level was kept at
5 cm above the sediment surface during the ﬂooded
periods
Regime 2 (R2): alternating ﬁve-day-long periods
of ﬂooding and emergence. The sediments in each
container were repeatedly inserted and removed from
a larger box (50 cm×35 cm×25 cm) on a ﬁve-day
cycle to simulate an alternating hydrological regime.
Deionized water within each sediment’s container
was allowed to percolate for ﬁve days after each
period of ﬂooding, with fresh deionized water
prepared for each new period of submergence. Each
empty large box was prepared for a new ﬁve-day
submergence period by cleaning it with deionized
water.
Regime 3 (R3): Continuous ﬁeld capacity. A ﬁeld
capacity condition was achieved by regularly adding
deionized water (when necessary) until the water
tended to percolate.
Each sediment container was ﬁtted with two 10-cm
Rhizon MOM pore water samplers (Eijkelkamp,
Giesbeek, NL) to extract the sediment solution in
vacuum tubes. The two Rhizon samplers were
installed horizontally at a depth of 5 cm below the
sediment surface.
Three parallel experiments were set up for each
hydrological regime. All treatments were continuously
monitored intensively for 100 days. Pore water
samples were taken every ﬁve days and sediments
were taken after completion of the whole experiment.
In addition, the simulation experiment with diﬀerent
hydrological are limited to laboratory conditions.
2.3 Analyses
The moisture content of the sediment was
determined by sequentially comparing the weights
before and after heating at 110°C until a constant
weight was obtained. The sediment pH value was
measured in sediment slurries at a 1:2.5 (w/v) soil/
water ratio using a pH meter. Sediment Eh was
measured during incubation using an OPR
combination Pt-band electrode (ORP431; Shanghai
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Dapu Instrument, China). Soil organic matter (SOM)
content was measured using the dichromate oxidation
method (Walkley and Black, 1934). Sediment particle
size was determined using a particle size analyzer
(MS-2000, UK) (Murray, 2002). The carbonate
content was determined by back-titration (with
0.5 mol/L NaOH) of an excess 0.25 mol/L H2SO4
added to 1 g of sediment (Nelson, 1982). Acid volatile
sulﬁde (AVS) contents were determined on fresh
sediment samples by transformation of sulﬁde into
H2S and absorption in a Zn-acetate solution, followed
by a back titration (Tack et al., 1997). Sediment
salinity was measured by analyzing the total contents
of dissolved base ions (Ca2+ , Mg2+ , Na+ , K+ , CO23ˉ,
HCOˉ3, Cl−, and SO24ˉ) in carbon dioxide-free water
suspension (1:5, w/v) (Page and Miller, 1991). The
concentrations of metals in the sediment (including
Fe, Mn, Cu, Cr, Ni, Zn, and Pb) were determined by
ﬁrstly digesting samples in Teﬂon tubes using a triacid mixture (HNO3–HF–HClO4), and subsequently
analyzing these solutions on an inductively coupled
plasma optical emission spectrometer (HITACHI
P-4010, Japan). The sediment samples before and
after experiment were used to analyze the chemical
speciation (acid extractable soluble, reducible,
oxidizable and residual fractions) of heavy metals
with BCR sequential extraction (Ure et al., 1993).
The amount of water used for each of the three
diﬀerent hydrological regimes (R1–R3) was identical.
Quality assurance and quality control testing was
conducted by using duplicate analyses and the
standard reference sample GBW07309. Analytical
precision was within 10% variability. The ranges of
recoveries for the heavy metals Cr, Cu, Zn, Pb, and Ni
were 96.57%–104.6%, 95.89%–104.5%, 97.25%–
103.6%, 97.25%–104.8%, and 96.10%–101.1%,
respectively. Extracted pore water was analyzed for
Ca2+, Mg2+, Na+, K+, CO23ˉ, HCOˉ3, Cl−, and SO24ˉ
following the methods of Page and Miller (1991).
Concentrations of the metals Cr, Cu, Zn, Ni, Pb, Fe,
and Mn were determined using inductively coupled
plasma mass spectrometry (XSERIES 2, USA).
2.4 Statistics
Statistical analyses were performed using the
software of SPSS v. 19.0. Pearson’s correlation
coeﬃcients were used to examine the degree to which
relationships existed between heavy metal and salt
ion concentrations in pore waters collected under
each hydrological regime (R1–R3). The 100-day
experiment duration was divided into four periods,
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Table 1 Metal concentrations and some physic-chemical
properties of sediments in the beginning of the test
and under three hydrological regimes (mean±
standard deviation, n=9)

240
210

Cr (mg/kg)

64.7±0.5 a

64.5±0.6 a

62.9±0.5 b

64.6±0.3 a

Cu (mg/kg)

23.7±0.3 a

22.6±0.2 a

21.2±0.3 b

23.6±0.2 a

Pb (mg/kg)

22.2±0.4 a

21.7±0.3 a

19.7±0.3 b

22.1±0.2 a

Ni (mg/kg)

30.1±0.5 a

30.0±0.4 a

30.0±0.3 a

29.1±0.3 a

-30

Zn (mg/kg)

79.6±0.9 a

78.9±1.0 a

75.0±1.1 b

79.5±0.9 a

-60

Fe (g/kg)

28.6±1.0 a

28.5±1.0 a

25.4±0.9 b

28.5±0.9 a

-90

Mn (mg/kg)

742±16

731±17

714±15b

739±18

pH

8.22±0.02 a

7.96±0.08 a

7.84±0.14 a

8.10±0.10 a

CaCO3 (%)

4.6±0.2

4.5±0.2

4.4±0.2

a

4.6±0.2 a

SOM (g/kg)

10.7±0.2 a

9.8±0.2 a

9.1±0.3 a

9.6±0.1 a

AVS (mmol/kg)

0.83±0.02 a

1.17±0.08 a

1.09±0.06 a

0.91±0.04 a

Salinity

0.33±0.01 c

0.08±0.01 b

0.03±0.01 a

0.25±0.01 c

a

Diﬀerent letters denote statistically diﬀerent subsets (P<0.05) between
regimes (R1: permanently ﬂooding; R2: alternate ﬁve-day wetting and ﬁveday emerged; R3: continuous ﬁeld capacity).

each of which contained about 25 days. These aligned
with the ﬁve-day periodicity employed in R2, which
allowed diﬀerences in the concentrations of species in
pore water to be compared between each of the three
simulated hydrological regimes. No comparison was
made of data collected in the ﬁrst 25-day period for
diﬀerent regimes due to water-sediment transitional
eﬀects that occur. Mean concentrations of heavy
metals and salt ions recorded for the remaining three
periods (25–50, 51–75, and 76–100 days) were
compared between themselves and between regimes.
Signiﬁcance diﬀerences between mean concentrations
were analyzed using the DUNCAN multiple
comparison method. The results of fractionation of
heavy metals in sediments before and after incubation
were analyzed by analysis of variance (ANOVA) and
least-signiﬁcant diﬀerence (LSD) tests.

3 RESULT
3.1 Sediment characteristics
The metal contents and physicochemical properties
of the sediments before and after the experiment are
presented in Table 1. The low standard deviations of
the control indicate that the sediment was suﬃciently
mixed prior to ﬁlling containers for each of the
diﬀerent hydrological regimes. The sediment used in
the experiment consisted of 10% clay, 56% silt and

ORP (mV)

R3

a

R3

120

R2

a

R2

150

R1

a

R1

180

Control

a
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Fig.1 Sediment redox potential (mV) of the three treatments

34% sand. The pH of the sediment before incubation
was 8.22±0.02, whereas it decreased in experiments
R1, R2, and R3 after incubation to 7.96, 7.84, and
8.10, respectively. There were no signiﬁcant pH
diﬀerences between the pre- and post-incubation
control. In all three treatment periods, the
concentrations of heavy metals Cr, Cu, Pb, Zn, Fe,
and Mn in soils in R2 decreased signiﬁcantly (P<0.05)
compared to their initial values. The reductions in R2
were 2.78% for Cr, 10.5% for Cu, 11.3% for Pb,
5.77% for Zn, 11.2% for Fe, and 3.78% for Mn;
however, the total concentrations of each of these
elements in R1 and R3 sediments did not change
signiﬁcantly over the same period. Notably, Ni
concentration did not decrease under any of the
treatments. The contents of CaCO3, SOM, and AVS in
the sediment before incubation were 4.60%, 10.7 g/kg,
and 0.83 mmol/kg, respectively, and none showed
any signiﬁcant changes pre- and post-incubation
under any regime. Nonetheless, the salinity in
sediments decreased sharply (P<0.05) from an initial
value of 0.33% to 0.08% in R1 and 0.03% in R2.
3.2 Redox potential
There was an obvious diﬀerence (P<0.05) between
the period of day 0–25 and the period from day 25 to
the end of the experiment for R1, R2, and R3. In
addition, after the ﬁrst 25 days, a signiﬁcant diﬀerence
in redox potential (P<0.05) also manifested between
the three hydrological regimes at equivalent times,
with the absolute values of the redox potential being
R3>R2>R1 (Fig.1).
For R1, the redox potential decreased at the
beginning of the 25-day period; however, after being
subjected to longer periods of ﬂooding, it decreased
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Fig.2 Ca , Mg , K , Na , Cl and SO ˉ concentrations in the pore water
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2+

+

+

-

continually to around -72 mV at the end of the
experiment. The redox potential in treatment R2
initially decreased during days 0–25, but subsequently
showed a periodic pattern ranging between -18 mV
and 58 mV, which matched the regime’s alternating
ﬂooding and emergence periods. For R3, the average
value of the redox potential after the ﬁrst 25 days was
around 140 mV.
3.3 Heavy metal and salt ion concentrations in the
pore water
Salt ion concentrations in the pore water of the

2
4

sediments in each regime were recorded as R3>R1>R2
(Fig.2). During days 0–25, the concentrations of salt
ions in R2 showed a greater decrease than those in
R1; however, these concentrations increased with
time in R3 over the same period. During days 26–50,
K+, Na+, Ca2+, Mg2+, Cl−, and SO24ˉ concentrations
decreased signiﬁcantly in R1. The concentration of
Ca2+ showed a slight increase during days 51–100,
while the continuous ﬂooding in R1 caused SO24ˉ
concentrations in the pore water to show a greater
decrease than Cl− concentrations. No signiﬁcant
change in salt ion concentrations was observed in R2,
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with all noted to have remained consistently low
during days 15–100. For R3, the K+, Ca2+, Na+, and
Mg2+ cationic concentrations in pore water showed a
decreasing trend after the ﬁrst 25 days, while the
anionic Cl− concentration ﬂuctuated randomly.
The measured concentrations of Fe, Mn, Cr, Cu,
Pb, and Zn in pore water are shown in Fig.3. The
temporal changes in the pore water concentrations of
Mn and Fe were very similar. More reducing
conditions were established in regimes with long

periods of submersion, which caused the pore water
concentrations of Fe and Mn to increase signiﬁcantly;
especially for R1, which was continuously ﬂooded. In
R2, which had a ﬁve-day ﬂooding period, Fe and Mn
concentrations in the pore water also increased while
the sediment was submerged. However, the ﬁeld
capacity regime (R3) was characterized by a much
higher redox potential, which resulted in signiﬁcantly
lower concentrations of Fe and Mn in pore water. In
general, the concentrations of Cr in pore water
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Table 2 Average pore water concentrations of Ca2+, K+,
Mg2+, Na+, Cl-, SO24ˉ, Cr, Cu, Fe and Mn
Element

Days

Ca2+ (mg/L)

K+ (mg/L)

Mg2+ (mg/L)

Na+ (mg/L)

Cl- (mg/L)

SO24ˉ (mg/L)

Cr (μg/L)

Cu (μg/L)

Pb (μg/L)

Zn (μg/L)

Fe (μg/L)

Mn (mg/L)

Regime
R1

R2

R3

26–50

44 c

17 a

148 e

51–75

39 b

18 a

132 e

76–100

44 bc

19 a

113 d

26–50

7.7 c

2.9 a

14.5 e

51–75

6.4 b

2.4 a

13.7 e

76–100

6.3 b

1.8 a

11.6 d

26–50

25 c

9a

83 e

51–75

18

8

a

73 e

76–100

19 b

7a

62 d

26–50

236.6 c

3.2 a

517.4 e

51–75

171.5 b

0.8 a

454.5 e

76–100

160.0 b

0.2 a

389.0 d

26–50

260.8 b

3.2a

418.1 c

51–75

222.4 b

1.8 a

423.6 c

76–100

200.7 b

1.72 a

398.2 c

26–50

26.8 c

0.3 a

56.2 e

51–75

17.8 b

0.27 a

61.0 e

76–100

13.9 b

0.42 a

55.0 d

26–50

9a

11 a

11 a

51–75

12 a

13 a

13 a

76–100

13 a

13 a

11 a

26–50

8.4 b

2.8 b

6.4 c

51–75

5.8 a

1.4 a

7.2 c

76–100

3.0 a

1.2 a

7.4 c

26–50

6.4 c

3.6 b

5.0 b

51–75

2.2 a

1.2 a

3.6 b

76–100

1.2 a

1.0 a

3.0 b

26–50

7.0 a

4.4 b

8.4 a

51–75

5.2

2.6

c

6.2 b

76–100

2.8 b

2.2 c

5.6 b

26–50

24 b

24 b

6a

51–75

32 c

30 b

9a

76–100

54 c

31 b

7a

26–50

0.5 c

0.3 b

0.0 a

51–75

0.6 c

0.4 b

0.0 a

76–100

0.8 c

0.3 b

0.0 a

b

b

Diﬀerent letters denote statistically diﬀerent subsets (P<0.05) between
regimes and periods (regimes: R1: permanently ﬂooded, R2: alternate ﬁveday ﬂooded and ﬁve-day emerged, R3: continuous ﬁeld capacity.)
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increased to around 12 μg/L after 50 days, while those
of Cu, Pb, and Zn decreased with time to less than
10 μg/L. After 25 days, the lowest Cu, Pb, and Zn
concentrations in the pore water occurred in R2
(below 5 μg/L), though these cations showed a
gradually decreasing concentration trend in R1.
The average heavy metal and salt ion concentrations
over three periods (days 25–50, 51–75, and 76–100)
are summarized in Table 2. Mean value accompanied
by diﬀerent letters (a–e) are signiﬁcant diﬀerent
within columns for each element at the same
correlation level (P<0.05). Signiﬁcant diﬀerences
between the three hydrological conditions were also
recorded. Salt ion concentrations in the pore water of
the sediments showed signiﬁcant variation under the
diﬀerent regimes (Fig.2 and Table 2), demonstrating
that they impart notably diﬀerent controls on salt ions.
In R1, salt ion concentrations in the pore water
showed a clear diﬀerence between days 0–25 and
days 26–100 (P<0.05); however, no obvious changes
in concentrations were identiﬁed between diﬀerent
periods in R2. In R3, large diﬀerences in the
concentrations of Ca2+, K+, Mg2+, Na+, and SO24ˉ in the
pore water were observed between days 26–75 and
days 76–100, but there were no clear changes in Cl−
concentration over this period. For heavy metals,
signiﬁcant diﬀerences between the three regimes
were observed for both Mn and Fe (Table 2). For Cu,
Pb, and Zn, R1 and R2 showed no notable diﬀerences
of concentration in the pore water after 50 days
(P<0.05). Additionally, there were almost no
diﬀerences between three regimes and periods for Cr
pore water concentrations.
3.4 Fractionation of heavy metals in sediments
The measured distributions of heavy metals (Ni,
Cr, Cu, Zn, and Pb) in untreated sediment before
incubation are presented in Table 3. Measured Ni, Cr,
Zn, and Pb concentrations were ordered residual >
oxidizable > reducible > acid extractable fraction,
whereas the concentration of Cu in each fraction was
generally ordered residual > reducible > oxidizable >
acid extractable fraction. Heavy metals were mostly
present in the residual fraction, which accounted for
about 44%–84% of the total. The oxidizable fractions
of Ni, Cr, Zn, and Pb represented the second largest
proportion, about 13%–32%, in the sediments. The
proportion of the reducible fractions for all heavy
metals varied from 2.5% to 22%, and the proportion
of the acid extractable fraction varied from 0.28% to
5.4%, making it the least abundant of all heavy metals.
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Table 3 Chemical fractionation of heavy metals in sediments
before and after incubation
Element Regime EXT (mg/kg) RED (mg/kg) OXD (mg/kg) RES (mg/kg)
Cr

Cu

Zn

Pb

Ni

Control 0.18±0.01 b 1.60±0.03 a

8.60±0.13 a

54.3±3.15 a

R1

0.23±0.01 a 1.45±0.02 b

8.72±0.10 a

54.1±4.05 a

R2

0.11±0.01 c

0.85±0.01 c

7.89±0.10 a

54.1±3.75 a

R3

0.18±0.01

1.59±0.01

8.66±0.11

a

54.2±2.10 a

2.88±0.06 a

16.0±0.22 a

b

a

Control 1.11±0.02 b 3.67±0.03 a
R1

1.21±0.02 a 2.59±0.08 b

2.92±0.05 a

15.9±0.29 a

R2

0.90±0.01 c

2.10±0.01c

2.39±0.09 b

15.9±0.12 a

R3

1.10±0.01

3.64±0.10

2.85±0.05

a

16.0±0.19 a

13.9±0.22 a

49.4±3.05 a

b

a

Control 4.32±0.04 b 12.0±0.27 a
R1

4.54±0.03 a 11.2±0.21 b

13.9±0.30 a

49.3±2.10 a

R2

3.41±0.02

13.5±0.28

a

49.1±2.85 a

R3

4.30±0.03 b 12.3±0.12 a

13.6±0.29 a

49.3±4.05 a

Control 0.58±0.01 b 4.83±0.03 a

7.04±0.06 a

9.75±0.35 a

7.02±0.05

a

9.64±0.28 a

c

9.06±0.19

c

R1

0.68±0.01

R2

0.35±0.01 c 2.83±0.01 c

6.87±0.09 a

9.60±0.21 a

R3

0.57±0.01 b 4.75±0.02 a

7.01±0.10 a

9.75±0.37 a

5.84±0.04

a

19.9±1.35 a

Control 1.57±0.02

a

a

4.37±0.02

2.73±0.01

b

a

R1

1.55±0.01 a 2.70±0.02 a

5.82±0.10 a

19.9±1.95 a

R2

1.53±0.01 a 2.72±0.01 a

5.81±0.05 a

19.9±2.15 a

R3

1.54±0.01

5.70±0.09

19.0±2.85 a

a

2.69±0.01

a

a

Mean of samples taken at diﬀerent sampling times±standard deviation,
n=9. Letters ‘a’, ‘b’ and ‘c’ indicate signiﬁcant diﬀerences at P<0.05
between control and R1, R2 and R3. EXC, RED, OXD and RES represent
the acid extractable, reducible, oxidizable and residual fractions.

Compared to the sediments before incubation, the
chemical fractions of Cr, Cu, Zn, and Pb showed
signiﬁcant variation under R1 and R2, but no large
changes were observed under R3 (Table 3).
Additionally, neither the fraction distributions of Ni
nor the concentrations of the residual fraction of all
metals changed signiﬁcantly among the regimes. The
reducible fractions of four metals (Cr, Cu, Zn, and Pb)
under permanent ﬂooding (R1) were signiﬁcantly
lower (P<0.05), whereas their acid extractable
fractions were signiﬁcantly higher (P<0.05).
However, the acid extractable fractions and reducible
fractions of Cr, Cu, Zn, and Pb, together with the
oxidizable fraction of Cu, decreased signiﬁcantly
(P<0.05) under R2.

4 DISCUSSION
4.1 Relationships among heavy metal and salt ion
concentrations in the pore water of the sediments
The relationships between heavy metal and salt ion
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concentrations in the pore water were evaluated by
correlation analysis (Table 4). There were no
signiﬁcant correlations at the level of R<0.01 in R3,
although Cu, Pb, and Zn showed positive correlations
with salt ions (R<0.01) in the R1 and R2 treatments.
High salinity in the intertidal ﬂat may promote heavy
metal mobility through complexation with salt anions,
and ion exchange between the cations and metal ions
(Du Laing et al., 2008). In addition, Cu probably
forms stronger complexes with organic ligands in
sediment solution. The distribution of Cu between
ionic and complexed forms in water is complex,
although Cu-Cl complexes should generally decrease
in abundance as salinity decreases (Verslycke et al.,
2003). The sodium cation might also have an inﬂuence
on metal extraction through ion exchange in high
ionic strength solutions (Nedwed and Cliﬀord, 2000).
In addition, when Ca2+ and Mg2+ are abundant in the
sediment solution, metals could be mobilized from
particles because of competition between these
divalent cations and the metal ions (Paalman et al.,
1994).
Both Fe and Mn showed negative correlation with
salt ions under R1 and R2 conditions. An increased
dissolution of Fe and Mn oxides was recorded under
the reductive redox potential of treatments R1 and
R2, which led to a relative increase of the “free” ion
concentrations in the pore water (Balint et al., 2013).
However, salt ions were not aﬀected by the redox
potential. Moreover, ﬂooding and leaching by fresh
water is known to reduce the salt ion concentrations
in pore water in the tidal ﬂat sediments (Li et al.,
2007; Du Laing et al., 2008).
4.2 Eﬀect of redox potential on pore water
concentrations of Fe, Mn, Cr, Cu, Pb and Zn
The concentrations of the heavy metals in pore
water can be regarded as one of the most important
parameters to characterize metal mobility. The
concentrations of Fe and Mn under three diﬀerent
hydrological regimes showed a variety of dynamic
and/or periodic trends. During a ﬂooding period, the
increases in the pore water concentrations of Fe and
Mn were ascribed to reduction of Fe and Mn oxides by
microorganism (Wahid and Kamalam, 1993; Gambrell,
1994; Balint et al., 2013). Indeed, there was a
particularly remarkable reduction of Fe and Mn oxides
under R1 and R2 conditions (Fig.3). According to
Okbah et al. (2008), Fe oxides are reduced at a lower
redox potential than Mn oxides, which was illustrated
that Mn appearing to a faster response than Fe
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Table 4 Pearson correlation coeﬃcients (R) for the correlation between the heavy metals and salt ions in the pore water
under three hydrological regimes (R1, R2 and R3)
Regime
R1

R
Cu.1K 1

0.90

Pb.1K 1

0.92

Cr.1Na+.1

-0.70**

Cu.1Na+.1

0.92**

Pb.1Na+.1

Cr.1Ca2+.1

-0.33

Cu.1Ca2+.1

0.85**

Cr.1Mg 1

-0.60

Cu.1Mg 1

0.92

Cr.1Cl-.1

-0.54*

Cu.1Cl-.1

Cr.1SO24ˉ.1

-0.69**

Cr.2K+.2

R

R

Zn.1K 1

0.86

Fe.1K 1

-0.73

0.95**

Zn.1Na+.1

0.90**

Fe.1Na+.1

Pb.1Ca2+.1

0.92**

Zn.1Ca2+.1

0.90**

Pb.1Mg 1

0.92

Zn.1Mg 1

0.93

0.88**

Pb.1Cl-.1

0.72**

Zn.1Cl-.1

Cu.1SO24ˉ.1

0.87**

Pb.1SO24ˉ.1

0.90**

-0.43*

Cu.2K+.2

0.95**

Pb.2K+.2

Cr.2Na 2

-0.28

Cu.2Na 2

**

0.97

Cr.2Ca2+.2

-0.17

Cu.2Ca2+.2

Cr.2Mg2+.2

-0.22

Cr.2Cl 2

R
Mn.1K 1

-0.92**

-0.77**

Mn.1Na+.1

-0.94**

Fe.1Ca2+.1

-0.43*

Mn.1Ca2+.1

-0.60**

Fe.1Mg 1

-0.65

2+
.

Mn.1Mg 1

-0.85**

0.76**

Fe.1Cl-.1

-0.83**

Mn.1Cl-.1

-0.95**

Zn.1SO24ˉ.1

0.85**

Fe.1SO24ˉ.1

-0.79**

Mn.1SO24ˉ.1

-0.97**

0.88**

Zn.2K+.2

0.85**

Fe.2K+.2

-0.81**

Mn.2K+.2

-0.72**

Pb.2Na 2

0.83

**

Zn.2Na 2

**

0.81

Fe.2Na 2

**

-0.72

Mn.2Na 2

-0.77**

0.89**

Pb.2Ca2+.2

0.68**

Zn.2Ca2+.2

0.66**

Fe.2Ca2+.2

-0.59**

Mn.2Ca2+.2

-0.71**

Cu.2Mg2+.2

0.93**

Pb.2Mg2+.2

0.75**

Zn.2Mg2+.2

0.74**

Fe.2Mg2+.2

-0.65**

Mn.2Mg2+.2

-0.68**

-0.21

Cu.2Cl .2

0.97

Pb.2Cl .2

0.79

Zn.2Cl .2

0.80

Fe.2Cl .2

-0.66

Mn.2Cl 2

-0.78**

Cr.2SO24ˉ.2

-0.20

Cu.2SO24ˉ.2

0.95**

Pb.2SO24ˉ.2

0.70**

Zn.2SO24ˉ.2

0.65**

Fe.2SO24ˉ.2

-0.65**

Mn.2SO24ˉ.2

-0.72**

Cr.3K+.3

-0.44*

Cu.3K+.3

-0.20

Pb.3K+.3

0.30

Zn.3K+.3

0.18

Fe.3K+.3

-0.45*

Mn.3K+.3

-0.04

Cr.3Na 3

-0.50

*

Cu.3Na 3

-0.36

Pb.3Na 3

0.26

Zn.3Na 3

0.16

Fe.3Na 3

-0.35

Mn.3Na 3

-0.23

Cr.3Ca 3

-0.14

Cu.3Ca 3

*

-0.53

Pb.3Ca 3

-0.22

Zn.3Ca 3

-0.30

Fe.3Ca 3

*

-0.53

Mn.3Ca 3

-0.46*

Cr.3Mg2+.3

-0.13

Cu.3Mg2+.3

-0.50*

Pb.3Mg2+.3

-0.19

Zn.3Mg2+.3

-0.26

Fe.3Mg2+.3

-0.51*

Mn.3Mg2+.3

-0.45*

Cr.3Cl .3

0.05

Cu.3Cl .3

0.03

Pb.3Cl .3

-0.56

Zn.3Cl .3

0.02

Fe.3Cl .3

-0.06

Mn.3Cl 3

0.07

Cr.3SO ˉ 3

0.55

Cu.3SO ˉ 3

-0.17

Pb.3SO ˉ 3

-0.72

Zn.3SO ˉ 3

-0.68

Fe.3SO ˉ 3

-0.06

Mn.3SO ˉ 3

-0.06

+
.

.

R3

R

-0.74

2+
.

R2

R

Cr.1K 1
+
.

+
.

2+
.

-

2
4.

**

**

*

+
.

2+
.

+
.

-

+
.

2+
.

-

2
4.

**

**

**

+
.

2+
.

+
.

-

+
.

2+
.

-

2
4.

**

**

**

+
.

2+
.

+
.

-

+
.

2+
.

-

*

2
4.

**

**

**

+
.

2+
.

+
.

-

+
.

2+
.

-

*

2
4.

**

**

**

+
.

+
.

.

+
.

2+
.

.

2
4.

* represents signiﬁcant correlation at the level of R<0.05. ** represents signiﬁcant correlation at the level of R<0.01. R1: permanently ﬂooded, R2: alternate
ﬁve-day ﬂooded and ﬁve-day emerged, R3: continuous ﬁeld capacity.

especially in treatment R1 and R2. Both Fe and Mn
showed a periodic trend of increasing and decreasing
concentrations in pore water that corresponded with
alternating ﬁve-day cycles in R2. Therefore, it can be
concluded that the responses of Fe and Mn
concentrations in pore water are mainly determined by
the durations of emergences and ﬂooding periods.
Chromium showed no signiﬁcant relationship
between experiment duration and diﬀerent
hydrological conditions, nor was there a signiﬁcant
temporal eﬀect (Fig.3 and Table 2). This stability may
mainly be a consequence of the complicated and
ﬂexible valences that the Cr ion can exhibit. According
to Masscheleyn et al. (1992), Cr chemistry and
solubility under more reduced soil redox (<+100 mV)
levels is controlled by the chemical reduction of
Cr(VI) by soluble ferrous iron. Moreover, Stefánsson
et al. (2015) found that Cr(VI) becomes an increasingly
dominant form of dissolved Cr in water with pH
values above 7–8. However, Masscheleyn also
reported that Cr(III) is readily oxidized to Cr(VI) in
soil and water due to the catalyzing eﬀect of Fe and/
or Mn oxides. Soluble complexes may also form with
organic components in the presence of Cr(III) in

solution, and this Cr(III) can easily precipitate as
Cr(OH)3. In turn, sediments could also absorb these
soluble Cr(III)-DOC complexes, which would lead to
the removal of Cr(III) from solution. Under both
oxidized and reduced conditions, the mobilization of
Cr could be explained by these countering reactions
(Guo et al., 1997), and so the relatively minor variation
in Cr concentration identiﬁed herein may be due to
these factors operating under each of the diﬀerent
hydrological regimes.
Kashem and Singh (2001) reported that sulfate
reduction could initiate around -100 mV, especially in
solutions where Fe and Mn oxide reduction has
already taken place. Although the AVS increased
indistinctively under the R1 (-70 mV) in this study,
the behavior of the elements (especially trace metals)
under the reducing conditions should presumably be
aﬀected by sulﬁdes. In particular, Cu, Pb, and Zn are
expected to occur as CuS, PbS, ZnS in estuarine
anoxic sediments, as sulfate is readily available in
these environments (Du Laing et al., 2009).
Consequently, the concentrations of Cu, Pb and Zn in
the pore water were very low, and steadily decreased
under R1 and R2 conditions.
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4.3 Fractionation of heavy metals in sediments
under the diﬀerent hydrological regimes
During ﬂooding (e.g., R1), biological and
microbiological activities—combined with limited
oxygen diﬀusion—cause oxygen depletion and thus
establish reducing conditions (Lagomarsino et al.,
2016). The reducible fraction theoretically represents
the contents of each metal bound to Fe and/or Mn
oxides, and which would be released if the sediment
were subjected to more reducing conditions (Panda et
al., 1995; Ma and Dong, 2004). Therefore, a marked
transformation of Fe-Mn oxides to extractable
fractions occurred when the redox potential decreased
to around -115 mV. The concentrations of Cr, Cu, Pb,
and Zn in the acid extractable fraction thus increased
(P<0.05), and the reducible fractions of the four
metals in the ﬂooded soil decreased (P<0.05)
(Table 3).
During R2, the redox potential of the sediment
became reduced during the ﬂooding stage, which led
to a proportion of the trace metals bound to Fe/Mn
oxides being released into the pore water. Moreover,
during leaching process with deionized water, the
decreased Ca2+ concentration in the soil solution
directly lead that the portion of the carbonate in saline
soil would be dissolved (Li et al., 2011). This process
might have led to the decreased contents of acid
extractable Cr, Cu, Pb, and Zn. Cu bound to the
oxidizable fractions was the most signiﬁcant (P<0.05)
among all of the heavy metals. This is in agreement
with the results of other studies (Chartier et al., 2001;
Du Laing et al., 2009), which predicted that Cu
concentration is strongly related to organic matter.
Although no signiﬁcant changes (P<0.05) in SOM
were observed after the experiment, copper can
complex with dissolved organic matter (DOM) (Li et
al., 2011). The complexing capacity of Cu is weaker
with larger dissolved organic molecules than with
small organic molecules, based on the latter having
notably more binding sites (Jiang et al., 2001).
Moreover, the greater abundance of acidic ligands in
small organic molecules may have an inﬂuence on
copper’s binding capacity (Soler-Rovira et al., 2010).
Therefore, some dissolved organic matter (mainly
small organic molecules) were likely leached out
during R2 and probably resulted in the decreased
concentration of the oxidizable fraction of Cu.
In General, the acid extractable fraction is
considered to be readily mobile and easily
bioavailable, whereas the residual fraction is
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considered to involve a crystalline lattice and be more
inactive. Under the alternating hydrological regime
(R2), the proportions of the acid extractable fraction
for heavy metals (Cr, Cu, Zn, and Pb) decreased
signiﬁcantly (P<0.05) and those of the residual
fraction increased sigiﬁcantly (P<0.05) compared to
the proportions of fractionation of the heavy metals in
the sediment before incubation (Table 3). Therefore,
it seems that the hydrological regimes aﬀected the
heavy metal fractionation and that the bioavailability
of heavy metals in sediments was reduced under the
alternating regime.

5 CONCLUSION
The hydrological regime in a tidal ﬂat sedimentation
zone has a pronounced inﬂuence on the heavy metal
and salt ion concentrations in the uppermost sediment
layer. In terms of heavy metal concentrations in the
sediments, Ni did not decrease under any of the R1–
R3 treatments. Similarly, the total concentrations of
Cr, Cu, Pb, Zn, Fe, and Mn in sediments did not
change signiﬁcantly under either ﬂooded (R1) or ﬁeld
capacity (R3) conditions. However, the concentrations
of Cr, Cu, Pb, Zn, Fe, and Mn in soils decreased
signiﬁcantly under an alternating moisture regime
(R2) when compared to the initial heavy metal values,
which is attributed to the eﬀects of leaching.
Salt ions and heavy metal concentrations in the
pore water were also analyzed. Under ﬂooding
regime, Fe, Mn, and Cr concentrations in the pore
water increased, and Cu, Pb, and Zn concentrations
decreased. Salt ion concentrations decreased during
the initial 50 days of the experiment, after which Ca2+
increased slightly, while SO24ˉ decreased signiﬁcantly.
The alternating hydrological condition (R2) caused
the concentration of Fe, Mn, and Cr in the pore water
to ﬂuctuate and increase, wherase Cu, Pb and Zn
decreased over the same periods. Salt ion
concentrations under R2 conditions decreased sharply
during the ﬁrst 25 days and remained at a consistently
low level until the end of the experiment. The regime
of keeping the soil at ﬁeld capacity (R3) produced
low concentrations of Fe, Mn, Cu, Pb, Zn, and slightly
increased concentrations of Cr in pore water. Salt
cation (K+, Ca2+, Na+, and Mg2+) concentrations
increased at the beginning of R3, and then decreased
until the end of the treatment, while Cl- and SO24ˉ
concentrations ﬂuctuated.
The fractionation of heavy metals was also
investigated. The fractionation of Ni and the
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concentration of all metals bound to the residual
fraction did not show any signiﬁcant changes among
the regimes. Chemical fractionations of Cr, Cu, Zn,
and Pb were redistributed under R1 and R2 conditions,
whereas the reducible fractions of these four metals
decreased under R1, and their acid extractable
fractions increased signiﬁcantly. However, the
amounts of the acid extractable and the reducible
fractions of Cr, Cu, Zn, and Pb, together with the
oxidizable fraction of Cu, decreased signiﬁcantly
under R2. Our ﬁndings suggest that an alternating
hydrological regime can reduce the availability of
heavy metals in the sediment or soil whilst also
reducing sediment salinity.
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