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Abstract
Agriculture practices have been widely proposed as the major cause of amphibian population
decline. However, the majority of these results have been based on laboratory experiments. The present study
was conducted to test the repercussion of wetland sediment provenance on amphibian larval development.
Bufo bufo larvae were used in two diﬀerent treatments in an outdoor experiment, the ﬁrst one using sediment
from one wetland surrounded by intensive agricultural practices, and the second using sediment with no
record of agrochemical uses. A negative eﬀect was observed in the agricultural treatment, from subcellular
to individual level. The results showed that the sediment from agricultural practices watershed generates a
reduction in survival. Furthermore, individuals that developed under this treatment showed a lower total
length and a delay in the time necessary to complete metamorphosis; these features are connected with
recruitment success. In the same way, biochemical analysis showed high values of lipid peroxidation in
metamorphs developing in sediments from an agricultural area. Finally, the results obtained highlight the
importance of considering the sediments, not only the water, as origin treatment, allowing us to understand
the consequences on amphibian populations that inhabit areas aﬀected by intensive agriculture.
Keyword: amphibian decline; Bufo bufo; survival; ecotoxicology; agricultural practices

1 INTRODUCTION
Intensiﬁcation of agriculture is widely recognized
as one of the most signiﬁcant human alterations to the
global environment (Mann et al., 2009). The
responsibility of this activity in the disappearance of
wetlands and their pollution has been supported by
large body of literature (i.e. Casado and Montes, 1995;
Beja and Alcazar, 2003; Parra et al., 2005). Moreover,
the improper use and excessive application of
agrochemicals generates an impact on the ecosystem
structure and function, thereby on its ecological
integrity (Troncoso et al., 2000). Agrochemical
impacts have consequences at diﬀerent hierarchical
levels: from the individual level, with morphological,
physiological and biochemical alterations, to the
community level with the loss of diversity, and the
impairment of the value and services that healthy
ecosystems provide (Montes and Sala, 2007).

Thereby, the agricultural application of fertilizers,
pesticides, herbicides and fungicides is receiving
increasing attention as a potential cause of amphibian
decline, acting singly or in combination with other
stressors disturbing their life cycle during the aquatic
and terrestrial phases (Relyea and Mills, 2001; Mann
et al., 2009; Hua and Relyea, 2014). During the larval
period, anuran amphibians are in contact with water
and sediments. Many of them act as detrital feeders,
so they could be in contact with pollutants due to their
feeding habits and by direct absorption through the
integument (Ingersoll, 1995). In the study area in the
southeast of Spain, the most common agrochemicals
used in the intensive olive groves are mainly fertilizers
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(nitrogen-based compounds) and fungicides (copper
sulphate-based compounds), as well as insecticides
(Junta de Andalucía 2008; García-Muñoz et al.,
2011a). Previous studies have shown that some of
these substances (speciﬁcally those with nitrogenbased and copper sulphate-based compounds) have
lethal and sublethal eﬀects on several amphibian
species in the area studied. For instance, concentrations
below 0.1 mg/L Cu aﬀected larval growth and the
development of Bufo bufo, Epidalea calamita,
Discoglossus jeanneae, Pelobates cultripes and
Pelophylax perezi negatively. Besides, the behaviour
of E. calamita is also aﬀected under a similar copper
concentration. On the other hand, the fertilizer
ammonium nitrate reduces amphibian survival and
larvae total length in B. bufo, E. calamita, Pelodytes
ibericus and P. perezi (García-Muñoz et al., 2009,
2010a, 2011a). Changes in larval scape behaviour
have been also observed when tadpoles are exposed
to ammonium nitrate and to copper sulphate, moreover
this sublethal eﬀect has been proposed as a rapid
biomarker of wetland pollution (García-Muñoz et al.,
2011b). The application of biomarkers (behavioural,
histological or biochemical) presents advantages to
complement traditional chemical methods for
detecting pollution (Handy et al., 2003; Hagger et al.,
2006). Among these biomarkers, the lipid peroxidation
level highlights the consequences in organisms
exposed to pollutants (Cavas and Tarhan, 2003), and
is also being used as a biomarker in amphibians
(Falfushinska et al., 2008; Gripp et al., 2017). Lipid
peroxidation is a process mediated by free radicals
(Slater, 1984a, b), and is considered the best measure
of damage due to the increase in reactive oxygen
species (ROS) (Halliwell and Gutteridge, 1989).
In order to truly reﬂect the eﬀects that the
contaminants generate at population level, the number
of studies addressing the eﬀect of chemical pollution
in outdoor mesocosms and whole-sediment
experiments is increasing (Cooke, 1973; Day et al.,
1995; Relyea, 2006; Mann et al., 2009; Araújo et al.,
2010; Burton, 2013; Bókony et al., 2017; Koprivnikar
et al., 2017). These types of experiments are very
useful when the agrochemicals used within the
watershed are diﬃcult to detect since they are
subjected to transformation, degradation and dilution
processes while reaching the aquatic system (Andreu
and Picó, 2004). Although pollutant concentrations in
water were below the level of detection, their presence
in sediments could generate toxic eﬀects on amphibian
tadpoles because they ﬁlter and rasp the sediment
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surface when feeding (algae, dead organic matter…)
(Baier et al., 2016). At the end, the wetland sediment
accumulates (integrates) all the natural and
anthropogenic changes and alterations (de Vicente et
al., 2010). Sediments have been recognized as a
potential source of the toxicity of a contaminant in
aquatic environments and whole-sediment bioassays
have been reported to be a powerful tool in studying
sediment-related toxicity (Luoma and Carter, 1993).
In this study, an outdoor experiment using two
sediments that were diﬀerent in origin was designed
to analyse the eﬀects on amphibian larvae. Our
hypothesis is that amphibian larvae can be aﬀected by
exposure to sediment that comes from a wetland
surrounded by intensive agriculture, where
agrochemicals are used regularly. Although wholesediment experiments have not been frequently used
with amphibians, the present investigation uses an
approach where the environmental sample (polluted
sediment) is used as an origin treatment, and the
endpoints to be measured are those that have been
previously reported in amphibians to be aﬀected by
agrochemicals: survival, development, length, and
lipid peroxidation level.

2 MATERIAL AND METHOD
2.1 Study species
Based on previous toxicological studies (GarcíaMuñoz et al., 2010a, 2011b), one of the most sensitive
Iberian anuran species was selected, Bufo bufo. This
species has disappeared from several wetlands in the
southeast of the Iberian Peninsula, and only inhabits
moderately or well-preserved ecosystems (GarcíaMuñoz et al., 2010b).
Bufo bufo egg masses (fractions of six diﬀerent egg
clutches in order to ensure natural genetic variability)
were collected (by permission of the relevant
authorities) from Cañada de las Hazadillas, an aquatic
ecosystem located in the southeast of the Iberian
Peninsula that does not have a known history of
pollution. Egg masses were brought to the laboratory
immediately after collection (under temperaturecontrolled conditions). The samples were pooled to
gain a genetically varied and representative sample of
individuals. Eggs were kept at 20°C (±0.5°C) on a
12 h light:12 h dark cycle in a temperature-controlled
chamber. Individuals were allowed to develop to
Gosner stage 25 (Gosner, 1960) in aquariums that
were ﬁlled with water from the same aquatic
ecosystem (pH: 7.2–7.8; alkalinity: 170–250 mg/L;
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hardness: 129 mg/L; NOˉ3<0.1 mg/L). Gosner stage
25 is the usual stage to begin the experiment (Edwards
et al., 2006; Brunelli et al., 2009; García-Muñoz et al.,
2009).
2.2 Outdoor experiment
Four experimental plastic pools (200 cm200 cm
50 cm) located in the University of Jaén’s experimental
garden were used in the present study. They were
0.5 m apart, completely open to the environment and
under equal environmental conditions (temperature,
humidity and light conditions). In each of them, ﬁve
centimetres of sediment from speciﬁc sites (see below
the sediment origin) was added together with 1 200 L
of dechlorinated potable water in order to create a
water depth of 30 cm. After seven days, 650 tadpoles
of B. bufo, randomly selected from diﬀerent egg
masses at Gosner stage 25, were added to each pool.
The experiment was carried out for 52 days. The high
number of tadpoles was selected in order to recreate
the high density in natural ponds, taking into account
that B. bufo females lay large clutches with a high
number of eggs (Salvador and García-París, 2001).
Lamentably and taking into account the elevated
number of organisms in each pool, the size of the
pools and the space limitation in the experimental
garden, the number of experimental replicates was
limited to two in each treatment.
2.3 Sediment treatments
Two diﬀerent treatments were used. The ﬁrst one
with sediments from a wetland (Naranjeros wetland;
south-eastern Spain; Jaén province; UTM:
30SVG0978) with a watershed that is aﬀected by
intensive olive tree agricultural practices (AP). In the
second treatment, sediments came from the
experimental garden of the University of Jaén with no
record of agrochemical uses (NAP). Sediments were
brought to the laboratory immediately after collection
(only the ﬁrst ﬁve centimetres of wetland sediments
were collected) and were added to each pool, creating
a plain layer.
Sediment chemical analyses were carried out by
inductively coupled plasma mass spectrometry (days
zero and 52) to characterize the concentration of
copper (Cu2+, μmol/L) and by Continuous Flow
Analyzer and spectrometric detection (ISO 13395:
1996; ISO 11732: 1997) for ammonium (NH+4, mg/L)
and nitrate (NOˉ3, mg/L) concentrations. The selected
variables are the main components in fertilizers and
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fungicides usually used in intensive olive farming
(Junta de Andalucía 2008; García-Muñoz et al.,
2011a).
Water samples were collected on days 7, 14, 37 and
52. The selected variables were the same as those in
sediment samples. Copper was analysed with a
photometer (Filterphotometer PF11; MachereyNagel) according to a colorimetric technique
(detection limit 0.040 mg Cu2+/L). Ammonium was
analysed with the indophenol blue method (Rodier,
1989—detection limit 0.010 mg N/L) and nitrate by
ultraviolet method (American Public Health
Association et al., 1995—detection limit 0.045 mg
N/L). Additionally, ﬂuorescence was measured using
a ﬁeld ﬂuorometer (Aquaﬂuor Turner Design
Handheld). Chlorophyll-a concentration (Chl a, g/L)
was later calculated using a previously obtained
calibration curve determined by ﬂuorometry. Oxygen,
temperature, total dissolved solids (TDS) and pH
were measured in each pool at the start of the
experiment and on days 7, 14, 37 and 52 using a
multiparametric probe (YSI-556 MPS; Yellow
Springs, OH 45387 USA).
2.4 Larval and metamorph total length
A subsample of one hundred individuals from each
experimental pool was collected at the beginning of
the experiment (day zero; start outdoor experiment),
deposited in a Petri dish (with 0.5 cm of water),
photographed against grid paper and placed again in
its experimental pool of origin. The mentioned
procedure was repeated 9 times during the whole
experimental period. The larval total length (from
snout to tail tip) was measured using the ruler function
(accurate to 0.01 mm) in the Image-J program. On
day 37 the ﬁrst metamorph individual (Gosner stage
46) was observed. From then on, the number of
individuals reaching stage 46 was also recorded each
day. Fully metamorphosed individuals were collected
and deposited in a dish against grid paper (without
water) and were photographed. Metamorph length
(snout-vent length; SVL) was measured following the
same methodology previously commented.
2.5 Lipid peroxidation and protein content
At the end of the experimental period, 60
metamorphs (15 metamorphs from each experimental
pool) were humanely euthanized in 150 to 200 mg/L
e.g. MS-222 (buﬀered with sodium bicarbonate to
achieve pH 7.0) and were frozen at -80°C for
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Table 1 Temperature, oxygen, total dissolved solids (TDS), pH and Chl a mean values (SD) in agricultural practice (AP) and
non-agricultural practice (NAP) sediment treatments during the experimental period
Treatment
Days

AP
0

7

Temperature (°C)

16.6(0.3)

Oxygen (mg/L)

13.0(2.0)

TDS (g/L)

0.48(0.07)

NAP

14

37

52

0

7

14

37

52

16.7(0.4)

14.2(0.1)

16.9(1.0)

15.7(0.1)

16.9(3.1)

17.5(0.1)

14.6(0.1)

19.6(0.1)

15.8(0.1)

9.0(0.0)

10.5(0.9)

8.1(0.1)

10.4(0.9)

9.1(0.6)

9.2(0.0)

9.5(0.2)

7.2(0.7)

8.6(0.2)

0.29(0.00)

0.31(0.01)

0.26(0.00)

0.29(0.01)

0.57(0.01)

0.31(0.00)

0.33(0.01)

0.28(0.00)

0.34(0.01)

pH

7.5(0.1)

7.5(0.1)

8.2(0.2)

8.2(0.0)

8.6(0.2)

7.8(0.1)

7.8(0.1)

8.1(0.2)

8.2(0.0)

8.1(0.2)

Chl a (mg/m3)

7.8(0.4)

3.2(0.0)

15.9(5.4)

9.3(3.3)

39.3(14.7)

7.8(1.8)

3.2(0.1)

15.2(1.4)

19.8(4.2)

10.9(7.9)

biochemical analysis. Before being analysed, all the
individuals were weighed quickly in pre-cooled
Eppendorf tubes, using a microbalance (Mettler
Toledo microbalance; precision 0.01 mg) and kept in
crushed ice until homogenization. The lipid
peroxidation was quantiﬁed with the concentration of
the malondialdehyde (MDA), an end product of lipid
peroxidation, following the method proposed by
Esterbauer and co-workers (Esterbauer et al., 1991).
The standard curve preparation was carried out with
10 mmol/L TMP (1,1,3,3-tetramethoxypropane;
Sigma-Aldrich) at 4°C. Protein content was
determined colorimetrically using the Bradford
method (Bradford, 1976) with Coomassie Brilliant
Blue G-250 (Sigma-Aldrich) using bovine serum
albumin as a standard.
2.6 Statistical analysis
Sediment variables were analysed using a t-test to
detect diﬀerences between the treatments. Water
variables were analysed using repeated measures
ANOVA to detect intra treatments and intra time
diﬀerences. The larval total length (log transformed)
and metamorph total length (log transformed) were
analysed using repeated measures ANOVA. The
diﬀerences in survival versus mortality in each
treatment were tested using Fisher’s exact test, P
one-tailed. The diﬀerences in MDA concentrations
(unit of MDA /mg protein log transformed) were
tested by a t-test. In order to test normality, a
Kolmogorov-Smirnov Z-test was conducted before
the statistical analysis. In every case the statistic
Z-test showed P values >0.05. The statistical analyses
were performed with SPSS software (SPSS Inc.,
Chicago, Il).

3 RESULT
Table 1 shows temperature, oxygen, TDS, pH and
chlorophyll-a mean values in water samples. The

repeated measures ANOVA test showed diﬀerences
throughout the experimental period in the oxygen
(F4,8=54.47; P=0.018), pH (F4,8=34.15; P=0.028),
TDS (F4,8=64.64; P=0.015) and chlorophyll-a values
(F4,8=17.66 and P<0.001). However, no statistical
diﬀerences between the treatments were observed in
oxygen (F1,2=8.43; P=0.101), pH (F1,2=0.995;
P=0.424), and chlorophyll-a values (F1,2=0.860 and
P=0.452). Only TDS values showed diﬀerences
between the treatments (F1,2=40.36; P=0.024). No
statistical diﬀerences were found between the
treatments in selected water chemical variables. The
repeated measures ANOVA test showed no diﬀerences
throughout the experimental period and between
treatments in ammonium (P=0.423) and nitrate
(P=0.461). In all the treatments, ammonium never
exceeded the concentration of 1.9 mg NH+4/L, while
the maximum nitrate concentration found in the
treatments was 6.2 mg NOˉ3/L. The copper
concentration ranged between 0.1 to 0.2 μmol Cu/L,
showing statistical diﬀerences throughout the
experimental period (F4,8=14.23; P=0.001), although
no statistical diﬀerences were found between the
treatments (F1,2=3.52; P=0.201).
No diﬀerences in the selected sediment variables
were found between the treatments (P>0.05).
Ammonium mean values in AP and NAP treatments
were 4.3 (±1.4) and 2.6 (±1.2) mg NH+4/L, respectively.
Copper mean values in AP and NAP treatments were
0.3 (±0.1) and 0.2 (±0.01) μmol Cu/L, respectively.
The nitrate concentration found in the treatments was
lower than 6.1 mg NOˉ3/L in both cases.
Amphibian survival in the NAP treatment was 79%
(±2.82%) while in the AP treatment it was 52.5%
(±4.94%). The results of the Fisher’s exact test
showed diﬀerences (P<0.001) in survival at the end
of the experimental period between the treatments.
The results showed statistical diﬀerences in premetamorphic total length between the treatments just
on day 28 (P=0.037). Larvae from the NAP treatment
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a
AP
NAP

Length (cm)

20
15
10
5
0

0

7

14
Sampling days

21

28

b

Length (cm)

140

NAP
AP

120
100
80
60
40
20
40

45
Sampling days

50

55

Fig.2 Accumulated number of metamorphs in agricultural
practice (AP) and non-agricultural practice (NAP)
treatments during the experimental period

20
15
*

*

*

4 DISCUSSION

5
0

160

0
35

25

10

Accumulated number of metamorphs

25
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37

39
42
Sampling days

52

Fig.1 a) Larval total length (TL) mean values (cm) in
agricultural practice (AP) and non-agricultural
practice (NAP) treatments during 28 days of
experimental period; b) metamorph snout to vent
length (SVL) mean values (cm) in agricultural
practice (AP) and non-agricultural practice (NAP)
treatments measured from day 37 to day 52
* indicates signiﬁcant diﬀerences between treatments (P<0.05).

showed bigger sizes when reaching the metamorphosis
period than larvae from the AP treatment (Fig.1).
Metamorphs in the NAP treatment showed higher
SVL than in the AP treatment, except on day 42
(P=0.300) (Fig.1). Furthermore, Fig.2 showed the
accumulated number of metamorphs in each
treatment, highlighting the lower number of
successfully metamorphosed organisms in the AP
treatment and a delay in completing metamorphosis.
Twenty-six metamorphs were collected on day 37 in
the NAP pools and none in the AP pools on the same
day. Moreover, a maximum number of metamorphs
was observed on day 42 and 52 in NAP and AP
treatments respectively.
The lipid peroxidation level was diﬀerent in each
treatment. The MDA concentration was aﬀected by
the treatment (t=6.24; P=0.001). Metamorphs from
the NAP showed lower MDA concentrations
(157.5±55.6 MDA unit/mg protein) than metamorphs
from the AP treatment (615±135.8 MDA unit/mg
protein).

The results obtained in the present study show
diﬀerences between treatments in survival, length,
development and lipid peroxidation level in B. bufo.
The diﬀerences in the selected endpoints obtained
from the present study are relevant because the water
column is not the only signiﬁcant exposure source for
amphibians in a natural habitat (Gerdron, 2013). As
they are in close contact with the substrate (when
foraging during larval development), experiments
with sediments need to be conducted. In this sense,
the present study had shown four important negative
eﬀects at diﬀerent levels that intensive agricultural
practices could generate on natural amphibian
populations, although we could not attribute a speciﬁc
cause to explain the observed eﬀects, apart from the
sediment origin.
The ﬁrst two negative results obtained in this study,
a reduction in survival and an increase in the
development time of B. bufo, are clearly related to the
recruitment of amphibian populations. If fewer
tadpoles complete their metamorphosis, a reduction
in recruitment to the terrestrial environment is
generated and, consequently, a potential reduction in
the number of breeding individuals for the future
population. In the same way, an increase in
development time has an important eﬀect on the total
number of individuals that could complete their
metamorphosis successfully (Sinsch, 1998). This last
aspect is a key factor in Mediterranean landscapes,
where the majority of wetlands are temporary
(Guerrero et al., 2006) and tadpoles have a short
period of time to complete their metamorphosis
process. Moreover, in a Mediterranean context, as the
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development time increases while the spring draws
on, there is an increase in wetland water temperature.
An increase in this environmental variable alters the
development, metabolism and behaviour of
individuals (Gripp et al., 2017).
The third negative eﬀect is a reduction in the length
of B. bufo. Similar results were found in Bufo
americanus larvae exposed to pond sediments with
elevated metal levels and chloride water concentrations
(Snodgrass et al., 2008). Copper sulphate- and
nitrogen-based compounds typically used in the study
area generate a reduction in larval length of diﬀerent
amphibian species (García-Muñoz et al., 2009,
2010a). However, other factors responsible for
producing variation in the experimental pools (such
as the amount and quality of food—not measured in
this study—or other type of agrochemicals such as
insecticides) could be behind the results obtained.
The present study has also shown how a reduction in
larval size is related to a smaller size in metamorphs.
Similar eﬀects were found in tadpoles of B.
americanus (Breden and Kelly, 1982). As a result,
this sublethal eﬀect could have drastic consequences
because diﬀerent ﬁtness parameters are directly
related to size at metamorphosis (Semlitsch et al.,
1988). In this sense it is well known that a reduction
in larval size increases susceptibility to predation and
reduces the survivorship and fecundity of oﬀspring
(Smith, 1987; Boone and Semlitsch, 2002; Altwegg
and Reyer, 2003; Boone and James, 2003).
The fourth negative eﬀect found has occurred at a
subcellular level. An increase in lipid peroxidation
level exposed to chemicals has been described in
invertebrates and vertebrates (Radi and Matkovics,
1988; Barata et al., 2005; Gripp et al., 2017). This
biochemical biomarker is one of the most appropriate
used to relate damage at the individual level with
consequences at the population level, due to the fact
that subcellular alterations could show their eﬀects at
higher hierarchical levels (Peakall, 1992). In this
sense, a relationship to higher hierarchical levels
could be accomplished through energy expenditure in
detoxiﬁcation processes. In theory, energy investment
should be regulated by metabolic expenditure,
representing a balance between the cost of survival
and activity, and the production of somatic and
reproductive tissues (Congdon et al., 2001). Some
studies have shown that exposure to pollutants
increases metabolic expenditure and it is possible to
obtain a relationship with the energetic cost that
detoxiﬁcation implies on individuals embedded in
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agricultural landscapes (Rowe et al., 1998; Hopkins
et al., 1999) and could be correlated with a reduction
in growth/development (Beck and Congdon, 2003).
Although the interpretation of biomarker information
in the ﬁeld is much more complex than it is in
laboratory-controlled conditions, they are meant to be
used as early warning indicators and are seen as
eﬃcient diagnosis tools (Gerdron, 2013).
The low number of replicates is the main criticism
of this study. However, a lower statistical power could
lead to erroneous conclusions including false
negatives (i.e. concluding that there is no eﬀect when
in fact there is one). The lack of statistical power or
statistical signiﬁcance should not conﬂict with
common sense (Barnett and Mathisen, 1997). The
statistical autocracy must not make us forget that
what really matters is the detection of eﬀects in
amphibians during an outdoor experiment that tries to
simulate more realistic conditions than a lab
experiment. The lack of conﬁrmation of causality
with a speciﬁc toxic substance could be another
possible criticism. From a Toxicity Identiﬁcation
Evaluation (TIE) approach, biological tests (toxicity
tests) must be applied in order to detect the chemicals
responsible for the toxicity (Camargo et al., 2015).
However, the present results do not allow the active
substances responsible for the toxicity to be
determined. More analytical procedures on the
sediment characterization, such as the analysis of
sediment grain size distribution, as well as organic
material content (OM) or the presence of pesticides,
could give more data in order to conﬁrm causality.
There is evidence that supports a decrease in tadpole
survival and growth with pesticides (Relyea, 2006) or
when the proportion of ﬁne sediment increases and
the OM content decreases, both reducing the
availability of resources for tadpoles (Wood and
Richardson, 2009; Courcelles, 2016). In this sense,
Mediterranean wetlands surrounded by intensive
olive groves showed the presence of pesticides
(Robles-Molina et al., 2014), high sediment deposition
from the watershed and low OM levels (Gilbert et al.,
2015; Vanwalleghem et al., 2011). Moreover, a deep
physiological analysis that determines the multiple
exposure pathways (integument, diet) also needs to be
carried out.
Dealing with a level of uncertainty could be
unavoidable when the ecosystem complexity is trying
to be reached. Part of this uncertainty could come
from experimental procedures and part from the
extrapolation from the laboratory to nature (Luoma
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and Carter, 1993). While the use and development of
mesocosms and outdoor experiments allow a better
understanding and integration of the eﬀects of
chemicals on amphibians (Gerdron 2013), in the
present study no causative relationship has been
determined, beyond the sediment provenance, in spite
of the signiﬁcant negative eﬀects which were
observed. The direct and indirect eﬀects of land use
on amphibians are diﬃcult to distinguish, but the
indirect eﬀect, including high soil erosion rates and
contributions of pollutants from diﬀerent land use
types to wetland sediment, could ultimately determine
the wetland habitat quality for amphibians (Snodgrass
et al., 2008).
Finally, our results indicate that intensive
agricultural practices have indirect relevant
consequences on amphibian populations. The
eﬀectiveness of the protection of amphibian
populations would be achieved, for example, through
(i) an agricultural policy change that favours
environmentally-friendly agriculture in wetland
watersheds that enhances soil protection and reduces
diﬀuse pollution, and (ii) the creation of buﬀer zones
around wetlands. Both actions will imply a reduction
in the agrochemical content of water and sediments of
wetlands and also an increase in watershed habitat
heterogeneity that could help to increase amphibian
diversity in Mediterranean wetlands.

5 CONCLUSION
In summary, the present study has shown four
important eﬀects on amphibian tadpoles, and at
diﬀerent hierarchical levels, generated by sediments
in wetland that is surrounded by intensive agriculture:
a decrease in survival, a decrease in length, retarded
development and an increase in peroxidation level.
Regarding this, watershed land uses and agricultural
practices can inﬂuence the number of successfully
metamorphosed amphibians in wetlands and
consequently the recruitment. These results allow us
to understand the consequences on amphibian
populations that inhabit areas aﬀected by intensive
agriculture.
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